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ARTICLE INFO ABSTRACT

Keywords: Herein, we investigated the impact of wastewater-borne Al-0s nanoparticles (Al2OsNPs) on the aquatic organism
Nanoparticles Daphnia magna, focusing on both ecotoxicity and genotoxicity. The widespread use of nanoparticles (NPs) in
Wastewater various industries has raised concerns about their environmental effects, especially in wastewater. Our findings
ggggxiitﬂ;agna showed that exposure to Al-OsNP-containing wastewater, even after biological treatment, led to significant
Genotoxicity immobilization and reduced reproduction of D. magna. Additionally, changes in the genetic material of crusta-

TEM ceans were identified using RAPD-PCR (Random Amplified Polymorphic DNA) and TEM (Transmission Electron

SpICP-MS/MS Microscopy), which revealed NP aggregates in the intestines, indicating the digestive tract as the primary site of
NP uptake and possible cellular dysfunction. The hydrodynamic size of NPs increased post-treatment, and zeta
potential measurements suggested a tendency for the nanomaterials to agglomerate. The concentration of dis-
solved aluminum ions also rose significantly after one day of biological wastewater treatment. These findings
highlight the considerable risks wastewater-borne NPs pose to aquatic ecosystems and underscore the need for
effective monitoring and risk management strategies to mitigate their environmental impact.

1. Introduction

The determination of the release pathway of nanoparticles (NPs) into
the environment may be elaborated by their fate in wastewater treat-
ment processes, which are released into municipal sewer systems. Upon
reaching wastewater treatment plants (WWTPs), they may interact with
microorganisms involved in biological treatment processes, thus
affecting their efficiency. Moreover, in treated wastewater, NPs may
occur in two phases: (1) suspended/dissolved in the aqueous phase and
(2) adsorbed onto a solid matrix such as flocs of activated sludge, which
indicates that they can enter the environment along with effluents from
treatment plants (treated wastewater) or with used sewage sludge.
Importantly, NPs are increasingly employed in wastewater treatment
and water treatment processes, which increases their release into the
environment [1-3]. According to Brar et al.[4] , NPs used in cosmetics

* Corresponding author.

were detected in wastewater in Sweden and Denmark at a rate of approx.
50 g per capita per day. In a city of one million people, the release of
such NPs into wastewater was approx. 50 t per day [4]. Gottschalk et al.
(2009) calculated the predicted environmental concentrations (PEC)
based on a probabilistic material flow analysis from a life-cycle
perspective of NP-containing products. PEC of Fullerenes, ZnONPs,
AgNPs, and TiOoNPs in WWTP effluents in the EU was 5.2, 0.4, 42.5, and
34.7 pg/L, respectively, which indicated that they were several magni-
tudes higher than the PEC for surface water, which was 0.017, 0.010,
0.764, and 0.015 pg/L, respectively [5].

However, despite the constant recommendations of scientists and
representatives of international organizations regarding the urgent need
for a comprehensive environmental risk assessment of NPs in waste-
water, to date, only a few studies have been presented regarding the
impact of NPs on aquatic and terrestrial ecosystem organisms after
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passing through WWTP [6-9]. Most studies on the eco- and genotoxicity
of NPs focus on pristine NPs such as Ag, AgO, and TiO, as well as ZnO,
SiO9, and CuO. These NPs disrupt enzyme functions, induce oxidative
stress, and can cause developmental defects and increase mortality in
aquatic organisms. They can also be toxic to aquatic plants, where they
may interfere with plant growth and photosynthesis [1,5,10-12]. To the
best of our knowledge, there are no studies on the toxicity of
wastewater-borne NPs other than TiO, or AgNPs. Therefore, to meet EU
requirements and develop a complete environmental risk profile related
to the presence of nanomaterials (development of research methods,
their standardization, and creation of ecotoxicological databases for
used and newly manufactured nanomaterials), we focused on
wastewater-borne Al,O3NPs. The purpose of this study was to investi-
gate the effects of synthetic domestic wastewater-borne aluminum oxide
nanoparticles (Al,O3NPs) before and after biological treatment in an
SBR reactor on ecotoxicity in the crustacean D. magna. Since the ma-
jority of reports that examine the effects of wastewater-borne NPs are
limited to ecotoxicity studies focusing on crustaceans and fish, usually
considering survival or immobilization as endpoints, our research ex-
amines the molecular level. To evaluate the ecotoxicological effects,
48 h acute ecotoxicity and 21-day chronic ecotoxicity tests were con-
ducted. RAPD-PCR analysis was carried out to understand the impact of
the tested samples on the genetic material of crustaceans. RAPD-PCR
(Random Amplified Polymorphic DNA - Polymerase Chain Reaction) is
a molecular technique used to analyze genetic diversity and detect
changes in genetic material. This method employs random primers to
amplify DNA sequences, allowing the identification of polymorphisms
within the genome. It is widely applied in genotoxicity studies, molec-
ular ecology, and assessments of environmental stress impacts on living
organisms [13]. Additionally, we conducted an ultrastructural study of
D. magna cells after 48 h incubation with tested wastewater (using
Transmission Electron Microscopy, TEM) to characterize possible
internalization pathways or induced cellular dysfunctions. To assess the
impact of Al,O3NPs in wastewater, the model lab-scale WWTPs (labo-
ratory-scale sequencing batch reactors, SBRs) continuously fed with
synthetic wastewater dosed with 10 mg/L Al,O3 NPs for 63 days were
used. NPs found in wastewater may undergo many transformations
during their treatment processes, hence, we utilized modern NP char-
acterization techniques such as DLS (Dynamic Light Scattering) and
spICP-MS/MS (Single Particle Inductively Coupled Plasma Mass Spec-
trometry/Mass Spectrometry). DLS is a technique used to determine the
size distribution of small particles or molecules in suspension by
measuring fluctuations in the intensity of scattered light caused by
particle movement, and was used to determine the hydrodynamic di-
ameters of NPs in suspensions (size of the nanomaterial metal-based core
+ any naturally occurring surface (bio)layers), their net charge (due to
the measurement of the zeta potential), which allowed the estimation of
the aggregation of nano-objects in the studied suspension, and the
elaboration of the general dispersity of the studied population of NPs
(polydispersity index, PDI) [14]. spICP-MS/MS is an advanced analyt-
ical technique used to detect, quantify, and characterize individual
nanoparticles in a sample. It provides detailed information on particle
size, concentration, and elemental composition by measuring the mass
of individual particles. This method is widely applied in environmental
monitoring, nanomaterial research, and contamination analysis. It was
therefore used to characterise the most commonly present NP core size,
with the size distribution of nanomaterials in solution, the number of
particles per litre in samples and the amount of dissolved metal fraction
[15].

The concentration of 10 mg/L for Al-2Os nanoparticles was selected
based on concentrations reported in the literature for NPs detected in
wastewater environments. Previous studies have shown that nano-
particle concentrations can vary widely depending on factors such as
source, wastewater treatment efficiency, and environmental conditions.
This concentration was chosen to simulate a worst-case scenario and
ensure detectable ecotoxicological effects under laboratory conditions
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[16,17].

Our study contributes to a better understanding of the effects of
wastewater-borne NPs on aquatic organisms and explains the relevant
mechanisms of action of NPs and the critical data for assessing the po-
tential ecological risks associated with using Al,O3 NPs. While this study
focused on D. magna as a representative freshwater model, the observed
toxicological mechanisms, such as bioaccumulation, oxidative stress,
and DNA damage, are commonly reported across various taxa, including
fish [18] and algae [19]. Therefore, our findings may provide valuable
insights for assessing potential environmental risks in broader aquatic
ecosystems.

2. Material and methods
2.1. Preparation of Al;O3NPs suspension

Commercial samples of Al;O3NPs (nanopowder < 50 nm with a
specific surface area 40 mz/g) and Al,O3 (bulk counterparts) with a
purity over 98 % were obtained from Merck Life Sciences, Poznan,
Poland (CAS no. 1344-28-1). Stock suspensions of 100 mg/L AloO3NPs
and Aly,O3 were prepared as follows: 0.1 g NPs were placed in a 1 L
volumetric flask, and the volume of NPs suspension was fixed to 1 L by
adding Milli-Q water. Then, the NPs suspension was subjected to ul-
trasonic treatment (1 h) to break up the NPs agglomerates.

2.2. Lab-scale wastewater treatment plant (WWTP)

Wastewater from two model lab-scale WWTP (laboratory-scale
sequencing batch reactors, SBRs) was used to perform the exposure
experiments with D. magna. SBR bioreactors were seeded with sludge
from a full-scale municipal WWTP ("Czajka", Warsaw, Poland) and
operated for 63 d. After settling, the sludge was mixed with synthetic
wastewater, and the initial mixed liquor-suspended sludge (MLSS) of the
SBR was approx. 3500 mg/L. An influent pump was used to introduce
synthetic wastewater into the SBR. The volume exchange ratio of the
SBR was 50 % at each cycle. Briefly, the reactor cycle consisted of an
anoxic/anaerobic period of 120 min (including 10 min of filling), an
aerobic period of 190 min, a settling period of 40 min, and a decantation
period of 10 min. This resulted in a total 6 h cycle and a hydraulic
retention time (HRT) of 12 h. At the end of the aerobic period, the excess
sludge was extracted daily as a mixed liquor to maintain MLSS of
3000-4000 mg/L.

During the anaerobic period, synthetic wastewater and activated
sludge were mixed using

a magnetic stirrer, and in the aerobic period, air was introduced with
spargers. According to Wang et al. (2017), the components of the syn-
thetic wastewater with a slight adjustment were as follows (mg/L):
CH3COONa (510), NaHCOs3 (120), NH4Cl (82), KHyPO4 (53),
ZnSO4e7H20  (0.12), KyHPO4 (16), MnClye4H0  (0.12),
NayMoO4e2H,0 (0.06), CuSO4e5H,0 (0.03), KI (0.03), H3BO3 (0.15),
CoCl2e6H20 (0.15), and FeCl3e6H20 (1.5). The chemical oxygen de-
mand (COD), soluble orthophosphate (SOP), and NH4+ —N in the syn-
thetic wastewater were approx. 400, 20, and 25 mg/L, respectively [20].

After an initial 2-week adaptation phase, synthetic wastewater with
Al;,03NPs (10 mg/L) was added to one of the bioreactors. The second
bioreactor — containing wastewater without nanoparticles — served as
the control system (blank). Wastewater from all SBRs was collected
weekly for the entire study period (63 days). The wastewater collected
from the model WWTPs was shaken for 2 min before being used to
obtain a homogeneous suspension. The list of wastewater samples used
in the exposure experiments is provided in Table 1.

2.3. Characterization of Al,O3NPs in examined samples

DLS and (-potential measurements were performed on a Zetasizer
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Table 1
Wastewater samples used in the exposure experiments with D. magna.

No  Samples collected for analysis Sample name

1 Synthetic domestic wastewater-borne Al,O3NPs (10 mg/L), WW-NPs-1
fed into the SBR reactor (Influent)

2 Synthetic domestic wastewater (control), fed into the SBR
reactor (Influent)

3 Synthetic domestic wastewater-borne 10 mg/L Al,O3NPs,
treated by activated sludge method in SBR reactor after
1 day (Effluent)

4 Synthetic domestic wastewater-borne 10 mg/L Al,O3NPs,
treated by activated sludge method in SBR reactor after 7
days (Effluent)

5 Synthetic domestic wastewater-borne 10 mg/L Al,O3NPs, WW-NPs-E/
treated by activated sludge method in SBR reactor after 14  14d
days (Effluent)

6 Synthetic domestic wastewater-borne 10 mg/L Al,O3NPs, WW-NPs-E/
treated by activated sludge method in SBR reactor after 28  28d
days (Effluent)

7 Synthetic domestic wastewater-borne 10 mg/L Al,O3NPs, WW-NPs-E/
treated by activated sludge method in SBR reactor after 42 42d
days (Effluent)

8 Synthetic domestic wastewater-borne 10 mg/L Al,O3NPs, WW-NPs-E/
treated by activated sludge method in SBR reactor after 56 ~ 56d
days (Effluent)

9 Synthetic domestic wastewater-borne 10 mg/L Al,O3NPs, WW-NPs-E/
treated by activated sludge method in SBR reactor after 63 ~ 63d
days (Effluent)

10 Synthetic domestic wastewater without NPs (control), WW-Control-
treated by activated sludge method in SBR reactor after E/1d
1 day (Effluent)

11 Synthetic domestic wastewater without NPs (control), WW-Control-
treated by activated sludge method in SBR reactor after 7 E/7d
days (Effluent)

WW-Control-I

WW-NPs-E/1d

WW-NPs-E/7d

12 Synthetic domestic wastewater without NPs (control), WW-Control-
treated by activated sludge method in SBR reactor after 14  E/14d
days (Effluent)

13 Synthetic domestic wastewater without NPs (control), WW-Control-
treated by activated sludge method in SBR reactor after 28  E/28d
days (Effluent)

14 Synthetic domestic wastewater without NPs (control), WW-Control-
treated by activated sludge method in SBR reactor after 42  E/42d
days (Effluent)

15 Synthetic domestic wastewater without NPs (control), WW-Control-
treated by activated sludge method in SBR reactor after 56  E/56d
days (Effluent)

16 Synthetic domestic wastewater without NPs (control), WW-Control-
treated by activated sludge method in SBR reactor after 63  E/63d

days (Effluent)

Nano ZS device (Malvern Panalytical, UK) to determine the average
hydrodynamic diameter (dH), size distribution, surface charge, and
polydispersity index (PDI). The wastewater suspensions were diluted
200 times with ultrapure water before measurement to obtain optimal
scattering intensity. The measurements were carried out in disposable
polystyrene cuvettes previously thermostated for 120 s to reach a tem-
perature of 25 °C. A dip cell equipped with palladium electrodes was
employed for the {-potential studies. All size and {-potential measure-
ments were carried out in four replicates.

spICP-MS/MS measurements were performed on an Agilent 8900 ICP
Triple Quadrupole Mass Spectrometer (Santa Clara, USA) equipped with
Single Nanoparticle Application Module software. The instrument was
equipped with Pt sampling and skimmer cones, a MicroFlow nebulizer, a
Scott spray chamber, and a quartz torch with a 1.5 mm i.d. injector.
Samples were introduced directly into the ICP-MS/MS with the standard
peristaltic pump. A series of dilutions were performed on the samples
with deionized water to produce particle concentrations of
50,000-300,000 particles/mL (as measured during analysis), diluted 20-
fold. Analyses were performed in the Time-Resolved Analysis (fast TRA)
mode, using a dwell time of 0.1 ms (100 ps) per point with no settling
time between measurements. The RF power was 1550 W, nebulizer gas
flow - 0.95Lmin"!, collision/reaction gas flow (hydrogen) -
5.0 mL min "}, sample depth 8.0 mm, and monitored isotopes: 2’ Al (on-
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mass mode). The working conditions were optimized daily using a
10 pg L7! solution of °Co™, 8Y* and 2°°TI" in 2 % (v/v) HNOs. The
gold nanoparticle standard reference material with a nominal diameter
of 50 nm (EM.GC50/4, Gold Colloid) was used to determine transport
efficiency, which was calculated using the particle frequency method
[21]. The sample flow rate was calculated daily by measuring the mass
of water taken up by the peristaltic pump for 2 min (this operation was
repeated 3 times). The Agilent dedicated software automatically pro-
cessed raw data, but we additionally verified the correctness of the
established threshold parameter. The software generated the median
particle size, number of particles per L, size distribution, and informa-
tion about the dissolved metal concentration. All measurements were
carried out in three replicates. The obtained final values were calcu-
lated, considering the results registered for analogical control samples.

2.4. Exposure of D. magna to the wastewater from model WWTPs

2.4.1. Test species and culture conditions

The freshwater crustacean D. magna Strauss was used as a model
species. The crustaceans were obtained from the laboratory culture of
the Department of Biology, Faculty of Building Services, Hydro, and
Environmental Engineering, Warsaw University of Technology. Organ-
isms were kept in permanent in-house breeding at 20 + 2 °C with a
16:8 h light-dark cycle, using 15 L glass aquariums filled with artificial
freshwater under the conditions described in the guidelines of the OECD
211 [22]. The culture medium was renewed weekly. Cultured daphnia
animals were fed daily with Chlorella vulgaris algae (1.5-2.5 x 108
cells/d). The above conditions assure continuous parthenogenetic
reproduction in cultures.

2.4.2. Acute and chronic ecotoxicity tests

Two assays were used to evaluate the tested wastewater’s short-term
and chronic toxicity effects on D. magna. Immobilization tests (acute
tests) with juvenile forms of the crustacean Daphtoxkit F™ were carried
out according to the methodology described in the instructions of
Microbiotests (Belgium) (with modifications). Procedures adhered to
OECD 202 guidelines [23]. Determination of the number of immobilized
organisms was conducted after 24 and 48 h of contact with the tested
wastewater samples. After 48 h of incubation with treated wastewater
samples, live bioindicators were collected for DNA extraction. The
crustacean reproduction tests (chronic tests) were carried out according
to OECD 211 (2012) methodology under semistatic conditions with
daily replacement of solutions [22]. Test was performed in 24-well
polystyrene plates with 10 mL of test solution and for the control.
Exposure of organisms to the polystyrene microbeads lasted 21 d. The
offspring was counted daily and removed from the test vessels. The
experiment was run under laboratory conditions at 20 + 2 °C, and 16 h
light:8 h dark.

The experiments was performed in triplicate to ensure reproduc-
ibility and reliability of the results. Mean values for the number of
immobilized organisms and the number of neonates were compared
using a pairwise Student’s t-test to evaluate the significance of differ-
ences between the control and treatment groups (p < 0.05).

2.4.3. RAPD procedures

DNA was extracted from live D. magna individuals collected after the
48-hour immobilization test. The RAPD-PCR test was performed to
evaluate the effects of the tested wastewater at a molecular level. The
procedure previously described in our research group was used to pro-
cess the daphnids [24-26]. All RAPD-PCR chemicals were purchased
from A&A Biotechnology (Gdansk, Poland). Total DNA from D. magna
was extracted and purified using DNA-XpureTM Cell micro using the
manufacturer-supplied protocol. The DNA profiles of crustaceans were
generated in RAPD-PCR reactions performed in a reaction volume of
25 pL. The decamer oligonucleotides (primers) OPB7 (GGTGACGCAG),
OPB8 (GTCCACACGG), OPA9 (GGGTAACGCC), and OPB10
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(CTGCTGGGAC) were obtained from Environmental Laboratory of DNA
Sequencing and Synthesis IBB PAS (Warsaw, Poland). One of the primers
was used for each amplification. Approx. 25 ng of D. magna genomic
DNA was subjected to RAPD amplification with reaction mixtures con-
taining PCR Mix (0.1 U/uL Taq DNA polymerase, 4 mM, MgCl,, 1xPCR
Buffer, 0.5 mM of each dNTP) (A&A Biotechnology, Poland) and a
primer concentration of 10 uM. Amplifications were performed in DNA
thermocycler (Mastercycler pro, Eppendorf) programmed for 4 min at
95 °C (initial denaturation), 39 consecutive cycles each consisting of
1 min at 95 °C (denaturation), 1 min at 40 °C (annealing), 1 min at 74 °C
(extension), and followed by 1 cycle for 10 min at 74 °C (final exten-
sion). Control PCRs lacking genomic DNA were conducted for every set
of samples. Reaction mixtures were kept at 4 °C before use.

After amplification, RAPD reaction products were analyzed by
electrophoresis on 1 % agarose gels in 1 x Tris-Borate-EDTA buffer
(40 mM Tris base, 20 mM boric, and 1 mM EDTA) at 80—100 V for
approx. 30-50 min in SUBDNA apparatus (Kucharczyk, Poland). Gen-
eRuler 1 kb DNA Ladder (Fermentas, USA) was used as a molecular
weight DNA standard. DNA bands were stained with ethidium bromide,
visualized, and photographed under UV light. Digital processing of the
images and computational analysis were performed using GelDoc-It
Imaging System (UltraViolet Products Ltd, USA). All amplifications
were repeated twice to confirm their reproducibility of RAPD patterns.
Only repeatable and clear amplification bands were scored for con-
structing the data matrix.

The effect of wastewater-borne NPs (as well as the control) on the
genetic material of D. magna before and after the biological treatment
process was assessed by the genetic similarity index of bands’ profiles (S,
%) and genetic stability of DNA (GTS, %) between tested and control
samples for individual primers. The genetic similarity index (S, %) was
calculated as the proportion of amplification products that were not
polymorphic concerning the total number of amplified products,
2 x number of shared fragments/total number of fragments [27,28].
Genomic template stability (GTS, %) was calculated for each primer as
the formula: 100 — (100a/n) where a was the average number of changes
in DNA profiles of each sample tested and n the total number of bands in
the control DNA profiles. Polymorphism observed in RAPD profiles
included the disappearance of a normal band and the appearance of a
new band compared to control (negative and positive) RAPD profiles
[29,30]. Mean values and standard deviations were calculated. Changes
in these values were calculated as a percentage of the negative control
(set to 100 %) and allowed to distinguish organisms exposed to geno-
toxic agents.

2.4.4. Ultrastructural analysis of D. magna

To investigate the interaction of Al,O3NPs from wastewater and
D. magna cells, Transmission Electron Microscopy (TEM) images of
crustaceans exposed to the tested samples were acquired. The alive cells
of D. magna from tested wastewater samples were collected before in-
cubation and after 48 h and kept at 4 °C. Cells of daphnids were fixed
with 2.5 % glutaraldehyde cacodylic buffer and incubated for 1 h, then
washed in 0.1 M cacodylic buffer. Next, the cell was postfixed in 1 %
0s04 in ddH0 for 1 h and washed three times in ddH50. After post-
fixation, the samples were dehydrated through a graded series of EtOH
(30 % - 10 min, 50 % - 10 min, 70 % - 24 h, 80 % - 10 min, 90 % -
10 min, 96 % - 10 min, anhydrous EtOH - 10 min, acetone - 10 min),
infiltrated with Epon resin in acetone (1:3-30 min, 1:1-30 min,
3:1-2 h), infused twice for 24 h in pure Epon resin, and polymerized
24 h at 60 °C. Next, 60 nm sections were prepared (RMC ultramicrotome
MTX) and contrasted with uranyl acetate and lead citrate according to
Reynollds (1983) and were examined on a LIBRA 120 electron micro-
scope produced by Zeiss [31]. Images were captured by the Slow Scane
CCD (Proscane) using EsiVision Pro 3.2 software (Soft Imaging Systems
GmbH). Measurements were performed using the analySIS® 3.0
image-analytical software (Soft Imaging Systems GmbH). For the TEM
analysis, 25 images were examined for each experimental sample,
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focusing on particle morphology and aggregation behawior.
3. Results and discussion
3.1. NPs size

The hydrodynamic size of Al;O3NPs in wastewater after treatment
ranged from 43.1 + 6.67-615.1 + 45.30, as determined by DLS (Fig. 1).
The size of the Al;O3 core of the nanoobjects ranged from 32 + 0.17-50
+ 0.18 nm as determined by spICP-MS/MS (Table 3). Interestingly, for
samples collected during 1—14 days of treatment, the obtained values
measured by both techniques indicated the comparable stability of hy-
drodynamic and core size values. After that time, we observed an in-
crease in median core size (accompanied by a decrease in the dissolved
metal concentration and NP number growth) and elevated nanomaterial
hydrodynamic size. The first phenomenon possibly stemmed from the
secondary build-up of particles when the dissolved Al concentration was
high in the suspension. At the same time, the enhanced hydrodynamic
diameter was due to the interactions of matrix wastewater components
with the surface of building-up particles.

3.2. Zeta ({) potential of nanoparticles

C-potential refers to the electric potential at the boundary between
the stationary layer of fluid attached to a charged particle and the sur-
rounding bulk fluid. It is a crucial indicator of colloidal stability. A high
absolute value of zeta potential (either positive or negative) signifies
strong electrostatic repulsion between particles, reducing the likelihood
of aggregation. Conversely, a low zeta potential indicates weaker
repulsive forces, increasing the risk of particle agglomeration [32]. From
the zeta-potential values of the analyzed nanoparticles in wastewater
before treatment, we can observe that AloO3NPs generally possess
relatively higher stability (lower absolute value of zeta potential) than
the Al,O3NPs in wastewater after treatment. However, it has been
observed that the zeta potential value of Al;O3NPs in wastewater after
treatment ranged from about —11.29 mV to —22.66 mV. In the initial
stages of wastewater treatment (till 7 days), the obtained values indicate
the lower agglomeration possibility, while during the second part of the
experiment, the lower absolute values of zeta potential can be taken in
the opposite manner (Fig. 2). Once more, the observed changes can be
explained by the higher involvement of other sample (bio)compounds in
interactions with nanoparticle surface (changes in net charge of
nanoobjects).
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Fig. 1. Characterization of Al,O3NPs average hydrodynamic size in synthetic
wastewater and effluents collected during 63 days of dosing of the system
determined using DLS analyses. Error bars illustrate standard errors.
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Zeta potential (mV + SD)

-25

Fig. 2. Zeta potential of Al,O3NPs in synthetic wastewater and effluents
collected during 63 days of dosing of the system determined using DLS analyses.
Error bars illustrate standard errors.

3.3. Polydispersity index (PDI)

PDI is a critical indicator of the monodispersity of the nanoparticle
population in the measured sample. Low PDI values (< 0.1) indicate a
narrow size distribution, meaning the particles are highly uniform in
size, in turn high PDI values (> 0.3) prove the broad size distribution
and low prediction of suspension behavior [33,34]. PDI values for
Al;O3NPs in wastewater before treatment were calculated as 0.22 — the
nanomaterial was rather monodispersed. For Al,O3NPs in wastewater
after treatment, they were in the range of 0.44-0.75 and increased with
the duration of the test, which once more confirms the idea of nano-
particles re-construction after a more extended time of biological
wastewater treatment (Fig. 3).

3.4. The concentration of diluted Al fraction

The obtained number of particles per liter for wastewater-borne
Al,O3NPs before treatment was 5.19 x 109, while the concentration of
dissolved Al was very low — 0.6 ng/mL. In the first part of the experi-
ment, the rapid decomposition of NPs was noted (to 1.12 ><109),
accompanied by high dissolved Al concentrations in suspensions. Then,
the NPs were re-built (a decrease in Al value and an increase in core size
and number of particles). After 28 days of wastewater treatment, the
number of particles decreased (while Al concentration increased), sup-
porting that high matrix components impact the nanochemistry of the

suspension (Table 2).
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Fig. 3. PDI of Al,O3NPs in synthetic wastewater and effluents collected during
63 days of dosing of the system determined using DLS analyses. Error bars
illustrate standard errors.
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Table 2

Median size of NPs, NPs number concentration, and concentration of dissolved
Al in synthetic wastewater and effluents collected during 63 days of dosing of the
system determined using spICP-MS/MS analyses.

Diameter/nm NPs number concentration/L Al (ng/mL)
WW-NPs-I 38 5.19 x 10° 0.600
WW-NPs-E/1d 32 1.12 x 10° 77.78
WW-NPs-E/7d 34 1.14 x 10° 54.34
WW-NPs-E/14d 38 1.74 x 10° 50.62
WW-NPs-E/28d 52 5.55 x 10° 7.400
WW-NPs-E/42d 50 2.78 x 10° 19.00
WW-NPs-E/56d 42 1.86 x 10° 28.02
WW-NPs-E/63d 36 1.12 x 10° 34.84

3.5. Effects of wastewater on the immobilization and reproduction of
D. magna

The influence of all tested wastewater samples on the immobilization
of D. magna crustaceans was observed. Wastewater with Al,O3NPs fed
into the bioreactor (WW-NPs-I) influenced the immobilization of crus-
taceans to a lesser extent. The percentage of immobilization ranged from
19 % to 22 % for all samples tested. A similar effect was observed in the
control wastewater (WW-Control-I) (Fig. 4). Significant immobilization
of D. magna was found after exposure to wastewater-borne Al,O3NPs
(WW-NPs-E), collected at 56 and 63 days after wastewater treatment
(36 % and 34 % greater immobilization, respectively, compared to WW-
Control-E). In turn, the control wastewater treatment had significantly
less impact on the immobilization of D. magna (Fig. 4). The difference in
the inhibition of immobilization of the bioidentifiers between WW-
Control-I and WW-Control-E was 1 %-10 %. It was shown that despite
treating wastewater containing AloO3NPs, it still affects the immobili-
zation of the tested bioindicators.

We found that all tested wastewater samples affected the reproduc-
tion of D. magna crustaceans. Wastewater with Al,OsNPs fed into the
bioreactor (WW-NPs-I) had less influence on the reproduction of crus-
taceans than WW-NPs-E. The number of cumulative offspring per sur-
viving adult was 19. A similar effect was observed in the control
wastewater (WW-Control-I) (Fig. 5). The number of cumulative
offspring per surviving adult was reduced by 10.5 %, 16.1 %, 14.0 %,
28.1 %, 28.7 %, and 30.6 % in the presence of treated wastewater
collected after 7, 14, 28, 42, 56, and 63 days compared to WW-Control-I,
respectively (Fig. 5). In turn, the treatment of the control wastewater
increased the number of cumulative offspring per surviving adult indi-
vidual (Fig. 5). Despite treating wastewater containing Al,O3NPs, the
reproduction of the tested bioindicators was affected.

3.6. Effects of wastewater on the genetic material of D. magna

The RAPD-PCR reaction of the genetic material of D. magna crusta-
ceans exposed to tested wastewater samples for 48 h resulted in
amplification products with characteristic patterns visualized as bands
after electrophoresis (so-called fingerprints). An example of the DNA
band profiles obtained for OPA7 primer is shown in Fig. 6. Changes
occurred in the patterns of the reaction products in all samples
compared to the negative (water) and positive control (0.01 % DMF).

Several qualitative changes in the DNA band profile (RAPD pattern)
were observed using different primers for all tested wastewater
compared to the control. Observed polymorphisms included the
appearance of new bands and the disappearance of expected bands,
indicating genetic modifications in the tested samples compared to
controls. These changes suggest genotoxic effects caused by exposure to
nanoparticles present in the wastewater samples [24,29].

The degree of genetic similarity (S) of the amplification products
(concerning the negative and positive control) obtained for the waste-
water before treatment differed from the profile of the bands obtained
for the sewage after treatment. Despite treating wastewater containing
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Fig. 4. Immobilization percent (%) after 48 h of the D. magna after exposure to tested wastewater. Error bars illustrate standard errors.
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Fig. 5. Reproduction of D. magna after 21 days of exposure to tested wastewater. Error bars illustrate standard errors.

Al,03NPs, changes in the genetic material of bioindicators occurred. The
S value for treated wastewater relative to raw wastewater (before
treatment) with AlyO3NPs ranged from 57 % to 86 % for all primers.
Initially, this value increased until 42 day of biological wastewater
treatment, where a decrease began (Table 3). The lowest degree of ge-
netic similarity was found in the presence of WW-NPs-E/63d and
differed from the negative and positive control by 22 % and 44 %,
respectively. Based on the GTS value, wastewater containing Al;O3NPs
after biological treatment had a greater impact on the genetic material of
D. magna. The average GTS value ranged from 42.5 % to 80 %. The
lowest GTS value was obtained in the presence of WW-NPs-E/63d and
differed from the negative and positive controls by 57.5 % and 2.5 %,
respectively (Table 3).

The control wastewater had less impact on the DNA of bioindicators.
The S value was 56 % in the presence of WW-Control-I and ranged from
57 % to 100 % for treated wastewater (WW-Control-E). The S and GTS
values in the presence of the control wastewater (WW-Control-E) were
similar to those obtained in the presence of the negative control. The S
value showed a significant difference only at the beginning of the
treatment process compared to the negative control and amounted to
56 %, while the GTS value was 65 % (negative control 100 %). The
degree of generic similarity in D. magna in the presence of treated

wastewater after 28 d, 42 d, 56 d, and 63 d was comparable to the
control. In contrast, GTS differed by 21.2 %, 8.7 %, 8.7 %, and 3.7 %,
respectively.

3.7. Microscopy TEM

Fig. 7 shows the TEM images of the cross-sectioned guts of D. magna
exposed to water (control, to show the typical cell structure of the
crustaceans), wastewater with Al,O3NPs before treatment, and waste-
water without NPs before treatment.

BM = basement membrane; V = vacuole; black arrowhead = lateral
plasma membrane; black arrow = nanoparticles.

In turn, Fig. 8 presents TEM images of D. magna exposed to WW-NPs-
E. After exposure to the tested samples, nanoparticles were found in
crustacean cells. This analysis evidenced NPs in the intestinal epithe-
lium, suggesting the digestive tract as a crucial target and uptake site for
NPs in D. magna. A higher number of NPs were observed in crustacean
cells following their exposure to treated wastewater compared to
exposure to sewage before treatment (Fig. 8). Nanoparticles were
observed: (1) among and inside microvilli; (2) inside the cytoplasm; (3)
into mitochondria as well as in some endosomes; (4) in the paracellular
space. ESI analyses confirmed the aluminium composition of these NPs.
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Fig. 6. Example diagram of the genetic similarity of RAPD-PCR reaction products using genetic material of D. magna crustaceans incubated in the presence of water
(negative control — C(-)), 0.01 % DMF (positive control — C(+)), WW-NPs-I (1), WW-NPs-E/1d (2), WW-NPs-E/7d (3), WW-NPs-E/14d (4), WW-NPs-E/28d (5), WW-
NPs-E/42d (6), WW-NPs-E/56d (7), WW-NPs-E/63d (8) using OPB7 primer. M = DNA size marker GeneRuler 1 kb DNA Ladder (VisionWorksLSM program).

Table 3

The values of the degree of similarity of obtained profiles (S, %) and Genetic
stability (GTS, %) of D. magna RAPD bands exposed to tested wastewater con-
cerning negative control (water) and positive control.

Sample Mean* S value [%] Mean* GST value [%]
WW-NPs-I 57 68.8
WW-Control-I 56 65.0
WW-NPs-E/1d 57 65.0
WW-Control-E/1d 56 66.3
WW-NPs-E/7d 57 78.8
WW-Control-E/7d 80 82.5
WW-NPs-E/14d 78 80.0
WW-Control-E/14d 80 77.5
WW-NPs-E/28d 86 76.3
WW-Control-E/28d 100 78.8
WW-NPs-E/42d 86 66.5
WW-Control-E/42d 100 91.3
WW-NPs-E/56d 80 56.3
WW-Control-E/56d 100 91.3
WW-NPs-E/63d 78 42.5
WW-Control-E/63d 100 96.3
Cc() 100 100
C(+) 34 45

" Average calculated from all tested primers

Fig. 9 presents the TEM images of D. magna exposed to wastewater
from the control SBR after treatment. After incubation with influents,
TEM images of D. magna showed only organic contaminants visible as
dark spots/structures (Fig. 9).

Our results indicated that despite the biological process of waste-
water treatment, Al;O3NPs remained in the treated wastewater and,
after reaching the recipient, may affect aquatic organisms such as
D. magna (Figs. 4-6, Table 3). Contrary to our expectations, wastewater-
borne NPs showed a greater ability to immobilize, inhibit reproduction,
and cause DNA damage in D. magna crustaceans compared to those in
wastewater before treatment. Few studies have also demonstrated that
nanoparticles can significantly affect the survival and reproduction of
D. magna. Kowalska-Géralska and Nowak (2023) reported that copper
nanoparticles adversely impact D. magna, with smaller particle sizes and
higher concentrations causing increased mortality [35]. Similarly,
ZnONPs have been shown to reduce both survival and reproductive
capacity, indicating strong toxicological effects [36,37]. Additionally,
AgNPs, known for their antibacterial properties, can disrupt aquatic
ecosystems. Studies by Silva et al. (2021) revealed that AgNPs reduce
survival and reproductive success in D. magna, leading to ecological
imbalances in freshwater environments [38]. Also, Zhu et al. (2001)
corroborated our findings, where they examined the effect of TiO;NPs
on D. magna and showed minimal toxic effects after 48 h, significant
toxicity in D. magna exposed to TiO;NPs after 21 days and accumulation
of NPs inside crustacean cells. They attributed this chronic toxicity to the

Fig. 7. TEM images from the midgut of controls (A), WW-NPs-I (B), and WW-Control-I (C) exposed samples. MV = microvilli; M = mitochondrion; MLB

= multilamellar body; N = nucleus; n = nucleolus;.
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Fig. 8. TEM images from the midgut of WW-NPs-E after 1d (A), WW-NPs-E/7d (B), WW-NPs-E/14d (C), WW-NPs-E/28d (D), WW-NPs-E/42d (E), WW-NPs-E/56d (F)
and WW-NPs-E/63d (G) exposed samples. MV = microvilli; M = mitochondrion; N = nucleus; n = nucleolus; V = vacuole; black arrowhead = lateral plasma

membrane; black arrow = nanoparticles.

interference of bioaccumulated NPs with food intake [39]. Recent
research has demonstrated that nanoparticles can disrupt survival and
reproduction in fish and other aquatic organisms. For instance, studies
of Kakakhel et al. (2021) on the effects of AgNPs on Cyprinus carpio have
shown that prolonged exposure to high concentrations of these nano-
particles leads to liver damage and immune system dysfunction in fish
[40]. In turn, Malhotra et al. (2020) analyzed the available toxicological
profiles of copper ions and CuNPs in various fish species. The authors
concluded that the toxicity of CuNPs depends on physicochemical fac-
tors such as water hardness, alkalinity, the presence of inorganic and
organic ligands, pH, and temperature. Exposure of rainbow trout
(Oncorhynchus mykiss) to CuNPs was shown to result in increased fish
mortality associated with gill and liver damage and osmotic imbalance.
Similar effects were observed in zebrafish (Danio rerio), where CuNPs
caused oxidative stress and DNA damage, leading to reduced survival.
[41]. The neurotoxic effects of CuNPs on D. rerio embryos were also
investigated. The results showed that CuNPs exposure induced oxidative
stress, inflammatory response, and impaired neurodevelopment in em-
bryos [42].

A reason for the ecotoxic effects may be genetic changes caused by
NPs. It should be noted that RAPD-PCR analysis revealed significant
genetic changes in crustaceans in the presence of the tested samples,
which indicates potential genotoxic effects of nanoparticles. The
appearance of new DNA bands suggests the activation of previously
inactive genomic regions, while the disappearance of existing bands
may indicate deletions or damage to primer-binding sites, leading to

genomic structure disruptions [29]. Band intensity changes may result
from altered copy numbers of certain sequences, reflecting disruptions
in DNA replication and repair processes. These observations align with
previous studies showing that metal nanoparticles can induce DNA
damage, leading to point mutations, deletions, and other genetic aber-
rations [24-26,29]. Ellis et al. (2020) showed that AgNPs caused sig-
nificant reductions in S% and GTS% in D. magna, indicating DNA
damage through increased polymorphism and decreased genomic sta-
bility [43]. Similarly, ZnONPs triggered reductions in GTS% and
changes in RAPD profiles in Lemna minor, showing direct genotoxic ef-
fects [12]. Our previous studies also showed that Al.OsNPs disrupted
genetic stability in Pseudomonas putida, decreasing S% and GTS% due to
DNA alterations induced by nanoparticles [26].

It is believed that the ecotoxic and genotoxic effects may result from
the deposition of nanoparticles in crustacean cells, as confirmed by TEM
analysis, which demonstrated the ability of Al.OsNPs to penetrate the
gut cells of D. magna, with the main localization sites being the micro-
villi and mitochondria. The accumulation of nanoparticles in these or-
ganelles can interfere with essential cellular functions such as energy
production and ion regulation, potentially leading to increased oxidative
stress and cellular damage. The presence of nanoparticles in mitochon-
dria may disrupt their metabolic function, leading to organelle swelling
and cristae disintegration. Such changes can impair cellular respiration
processes, ultimately causing apoptosis [44,45]. These findings are
consistent with previous studies on the toxicity of metal nanoparticles in
aquatic ecosystems. Bruneau et al. (2016) demonstrated that AgNPs
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Fig. 9. TEM images from the midgut of WW-Control-E/1d (A), WW-Control-E/7d (B), WW-Control-E/14d (C), WW-Control-E/28d (D), WW-Control-E/42d (E), WW-
Control-E/56d (F) and WW-Control-E/63d (G) exposed samples. MV = microvilli; M = mitochondrion; N = nucleus; n = nucleolus; V = vacuole; MLB

= multilamellar body; black arrowhead = lateral plasma membrane.

accumulate in fish cells, causing mitochondrial damage [18]. Santo et al.
(2014) also showed the presence of ZnONPs in the tissues of D. magna (in
microvilli, endocytic vesicles near the upper surface of cells, mito-
chondria, free in the cytoplasm and the paracellular space between
adjacent cells) although after 48 h acute toxicity tests were conducted
for two types of ZnONPs (<100 nm and <50 nm) and showed minor
effects, with ECs( values of 3.1 mg/L (<100 nm) and 1.9 mg/1 (<50 nm)
[46]. Similar results were obtained by Kwon et al. (2014), where
Fe304NPs and a-Fe;03NPs caused a crucial disturbance in microvilli and
bacterial colonization of the gut lumen, although significant acute
toxicity to D. magna was not observed [47]. Kwon et al. (2014) and Santo
et al. (2014) suggested that the NPs causing these effects may disrupt ion
transport processes and impair the synthesis of digestive enzymes,
thereby disturbing metabolism and chemical transformations in the
digestive tract [46,47]. Lovern et al.[48] explained that the inhibition of
growth, survival (immobilization), or possibly the reproduction of
D. magna crustaceans may stem from the presence of NPs in the in-
testines. This inhibits the absorption of nutrients because of the
obstruction caused, or from the consumption of a large amount of energy
to remove NPs from the intestines [48]. Kakakhel et al. (2021) showed
that AgNPs caused histopathological changes in C. carpio, including
tissue necrosis and mitochondrial damage due to bioaccumulation in the
liver, gills, and intestines [40]. In turn, graphene oxide NPs disrupted
cell walls and caused DNA fragmentation in freshwater algae [49], while
TiO2NPs damaged chloroplast membranes in Chlorella vulgaris, impair-
ing photosynthesis [50].

Furthermore, it should be noted that a higher amount of NPs from

wastewater was observed in D. magna cells after incubation with treated
wastewater than after incubation with wastewater flowing into the SBR.
Our results showed that NPs were present in large quantities in the
wastewater flowing into the bioreactor (Table 2) and that their inter-
action with the matrix components, both chemical and biological, was
possible. In addition, NPs could be retained by the filtration mechanisms
of D. magna and do not penetrate (or penetrate but at lower levels) into
the cells [39].

Our results indicate that changes in the hydrodynamic size and
C-potential of Al:Os nanoparticles (Al2OsNPs) after wastewater treat-
ment significantly affect their mobility, stability, and interactions with
aquatic organisms such as D. magna. Hydrodynamic size determines the
nanoparticles’ ability to remain suspended in water. Smaller particles
are more mobile and can persist longer in the water column, increasing
the likelihood of interactions with aquatic organisms, while larger par-
ticles settle more quickly.

The reduction in {-potential from —11.29 mV to —22.66 mV (Fig. 2)
observed in our study indicates a greater tendency for nanoparticle ag-
gregation due to decreased electrostatic repulsion. This behavior likely
results from the adsorption of organic matter, interactions with dis-
solved ions, and microbial by-products present in the wastewater ma-
trix. The formation of a bio-organic corona composed of dissolved
organic compounds, proteins, and extracellular polymeric substances
produced by microorganisms during wastewater treatment may further
explain this aggregation proces [33,35].

These physicochemical changes have important implications for
nanoparticle toxicity. Larger aggregates may experience reduced
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mobility through sedimentation, but their increased surface area can
enhance biological uptake [43]. Additionally, a lower zeta potential can
increase nanoparticle affinity for negatively charged biological mem-
branes, facilitating cellular uptake and potentially intensifying toxicity.
This was confirmed by TEM observations showing nanoparticles within
the intestinal epithelial cells of D. magna.

According to the literature, a high absolute {-potential reduces par-
ticle aggregation and promotes contact with cell membranes, potentially
leading to greater internalization. Conversely, a reduced zeta potential
can enhance interactions between nanoparticles and environmental
matrices, increasing bioavailability [33,35]. Similarly, increased hy-
drodynamic size due to aggregation may decrease nanoparticle sus-
pension time, promoting sedimentation. However, larger aggregates can
still interact with organisms through surface attachment or ingestion, as
demonstrated by our findings [14].

Measurement of NPs size distribution in synthetic wastewater and
PDI results confirmed the polydispersity of NPs and their variability in
core size as the purification process continued. The largest-sized parti-
cles (both core and hydrodynamic) significantly impacted the tested
crustaceans. Studies on the toxicity of silver NPs (AgNPs) towards
freshwater cnidarians (Hydra vulgaris) indicated that the toxicity de-
pends on the shape and size of the NPs.Larger spherical NPs had higher
toxicity compared to smaller and other shapes [51]. Gimenez et al.
(2024) demonstrated that smaller gold NPs more easily penetrated cells
and their nuclei, where directly interacted with DNA, generating reac-
tive oxygen species (ROS), or causing oxidative stress and DNA damage.
Thus, variation in Al;O3NPs size influenced the toxicity mechanisms.
Small NPs can promote oxidative stress and damage DNA, while larger
particles can disrupt physiological functions by physically blocking or
accumulating in specific tissues [52]. Moreover, our research, in
conjunction with the literature data, indicated that a high PDI signifi-
cantly affected the toxicity of NPs in aquatic animals. High PDI often
correlates with low colloidal stability, leading to unpredictable in-
teractions with aquatic organisms and higher risks of toxic effects.
Hernandez-Moreno et al. (2024) showed that CeO5-UNC (Uncoated) and
CeO2-DDPA (Dodecylphosphonic Acid) with PDI > 0.6 exhibited high
aggregation and increased toxicity, while Ag-PEG (Polyethylene Glycol),
showing a PDI of 0.62, was more toxic than the more stable Ag-CIT
(Sodium Citrate Coating). Similarly, TiO2-UNC and TiO.-PEG aggre-
gated in fish media but remained less toxic. These findings confirm that
PDI is a critical indicator of colloidal stability and nanoparticle toxicity
[53].

Our results showed that during wastewater treatment, Al ions were
released from the NPs, and compared to raw wastewater, their con-
centration was significantly higher in the treated wastewater. This may
cause ecotoxicity and genotoxicity to D. magna after exposure to this
type of wastewater due to the following: (1) Physical and chemical
processes during wastewater treatment, such as mixing, aeration, pH
changes, and the presence of various chemicals, can decompose NPs and
release ions. For example, pH changes can dissolve NPs, releasing ions
into the solution; (2) Redox reactions occurring under wastewater
treatment conditions can contribute to NP degradation and ion release.
For example, AgNPs can oxidize to silver ions (Ag™) in the presence of
oxygen; (3) During the treatment process, especially in biological
treatment reactors (e.g., sequencing batch reactors — SBRs), NPs can
undergo biodegradation or chemical degradation, leading to ion release.
Microorganisms in wastewater can enzymatically accelerate the NP
degradation process; (4) NPs can accumulate in sludge throughout the
wastewater treatment process, where they are more exposed to degra-
dation conditions. Processes such as mixing and aeration in reactors can
increase the surface contact of NPs with water and chemicals, acceler-
ating their degradation and ion release; (5) During treatment, changes in
chemical speciation (the chemical forms in which elements are present)
can lead to the transformation of stable NPs into more mobile ions. For
example, under aerobic conditions, ionic forms of metals, which are
more soluble in water, may form [54-57]. Literature data confirm that
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NPs are known for their ability to release metal ions. Galhano et al.[8]
showed that AgNPs present in treated wastewater exhibit potential toxic
effects toward D. magna. The study found that Ag ions released from
AgNPs can cause oxidative stress and metabolic disruptions in D. magna
[8]. This data was confirmed by Bruneau (2016), who investigated the
fate, and bioavailability of AgNPs, and their effects on fish in the pres-
ence of municipal effluents. They showed that dissolved Ag was
bioavailable in diluted effluent, induced oxidative stress (lipid peroxi-
dation), and marginally decreased superoxide dismutase in fish gills.
Dissolved Ag also significantly increased metallothionein levels and
inhibited the DNA repair activity in the liver [18]. Zhang et al. (2021)
showed that ZnONPs release Zn?" ions, causing oxidative stress and
apoptosis in Danio rerio, impairing embryonic development and causing
skeletal deformities [58]. CuONPs release Cu®* ions, causing gill dam-
age and hepatic inflammation in Oreochromis niloticus [59]. In turn, ti-
tanium dioxide nanoparticles, though less toxic in particulate form, can
generate reactive oxygen species under certain conditions, disrupting
algal growth [60]. Furthermore, Wang (2019) showed that exposure to
ZnONPs resulted in significant ultrastructural damage to the mito-
chondria of D. magna [61]. The high reactivity and dissolution of ZnO
NPs led to the release of zinc ions (Zn2+), which caused mitochondrial
dysfunction, oxidative stress, and impaired energy metabolism [61].
TEM analysis results (Fig. 8) showed that the wastewater-borne
Al;03NPs caused mitochondrial damage, which confirmed the harmful
effect of the released Al** ions. Disturbed mitochondrial morphology
was demonstrated by the swelling of the mitochondrial cristae and a
disorder in their system, with a clear matrix at the center of the organelle
(Figs. 7-9). Complexed proteins in the respiratory chain are located on
the surface of the mitochondrial cristae, so the tested NPs can negatively
affect mitochondrial respiratory activity or increase the formation of
ROS, which may have destructive effects, damage mitochondrial mem-
branes, and lead to cell death [62,63].

A comparison of our study results on aluminum ion concentrations
with threshold values reported in the literature and environmental
guidelines highlights a potential ecological risk to aquatic organisms.
According to ANZECC guidelines (Australian and New Zealand Envi-
ronment and Conservation Council), the threshold value for protecting
aquatic life is 0.055 mg/L [64]. Our findings revealed that aluminum
ion concentrations in wastewater samples exceeded this value, which
may explain the observed increased mortality and reduced reproductive
capacity of D. magna. WHO guidelines indicate that Al. concentrations
above 0.1 mg/L can cause adverse ecological effects in surface waters
[65]. Our data showed that Al concentrations in the tested samples
surpassed the recommended drinking water limits, confirming their
potential toxic effects. Observed effects, such as DNA damage detected
by the RAPD-PCR method, may result from exceeding these thresholds.
It is worth noting that environmental guidelines, such as WHO and
ANZECC standards, were primarily developed for drinking water rather
than natural environments. Therefore, further field studies considering
environmental variables such as pH, water hardness, and organic matter
content are necessary to better estimate the actual aluminum ion
toxicity thresholds for aquatic organisms [64,65].

Wastewater treated without NPs (WW-Control-E) had a much
smaller impact on the physiological processes in D. magna crustaceans,
and a genotoxic effect was not observed (Fig. 1—4, 6). Therefore, NPs in
treated wastewater cause physiological and genetic changes occurring in
D. magna crustaceans, and not, for example, metabolic products of mi-
croorganisms, such as decomposition products of organic compounds, or
transformed pollutants other than NPs, such as products formed during
the decomposition of complex chemical compounds. Our previous
research that examined the impact of Al;O3NPs on the wastewater
treatment process also confirmed these results, where the control
wastewater did not negatively influence the capacity of wastewater
treatment plants.

Our results showed that biological wastewater treatment processes
play a crucial role in determining the fate of nanoparticles in aquatic
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environments by modifying their physicochemical properties, stability,
ecotoxicity, and genotoxicity. During these processes, nanoparticles
interact with organic matter, microorganisms, and suspended solids,
forming larger aggregates or complexes. For example, Zhou et al. (2015)
showed that metal nanoparticles in activated sludge can aggregate,
altering their sedimentation dynamics and increasing their environ-
mental persistence. Variable physicochemical conditions in biological
reactors, such as pH, ionic strength, and redox potential, may destabilize
nanoparticles, causing disintegration or the formation of new complexes
[7]. Brown [66] demonstrated that silver nanoparticles can undergo
oxidation, releasing toxic Ag+ ions while forming less reactive aggre-
gates [66].

Our study supports these findings by demonstrating how aluminum
nanoparticles in treated wastewater aggregated due to interactions with
dissolved organic matter, confirmed by DLS and TEM analyses. Post-
treatment samples revealed larger particle sizes, indicating increased
aggregation, while TEM images showed nanoparticles embedded within
D. magna cellular structures, including microvilli, mitochondria, and
cytoplasm, causing cellular damage. Zeta potential measurements
further suggested reduced nanoparticle stability, promoting aggregation
but also reducing environmental mobility.

It is suggested that the concentration of nanoparticles increased after
wastewater treatment due to nanoparticle retention facilitated by
adsorption onto suspended solids, active sludge flocs or biofilms. This
process likely enhanced nanoparticle persistence and environmental
impact. Additionally, our findings indicated that treated samples were
more toxic to D. magna, evidenced by reduced survival. This increased
toxicity could be attributed to several factors, including greater
bioavailability of dissolved aluminum ions and enhanced membrane
penetration due to nanoparticle transformation during treatment.
Chronic reproductive assays confirmed reduced offspring production,
correlating with DNA damage detected using RAPD-PCR. Genetic al-
terations included the appearance of new DNA bands and the disap-
pearance of existing ones, indicating potential mutations, chromosomal
rearrangements, or DNA breaks. Additionally, CeO-NPs and TiO2NPs
exhibit varied behaviors in biological systems [67, 68]. CeO2NPs form
stable aggregates, increasing retention in treatment systems [67], while
TiO=NPs adsorb onto activated sludge, reducing mobilit showed that
nanoparticles modified by wastewater treatment processes could exhibit
increased membrane penetration, enhancing their toxicity [68].

The results of this study could have significant implications for
wastewater management policies and environmental regulations related
to nanoparticles i wastewater. Given their demonstrated persistence and
bioaccumulation, regulatory frameworks should include mandatory
nanoparticle monitoring in treated effluents [17,69-71]. Additionally,
the necessity of implementing the following strategies to mitigate the
environmental risks associated with wastewater containing nano-
particles has been confirmed: (1) Developing continuous monitoring
systems using advanced sensors for real-time nanoparticle detection; (2)
Utilizing advanced filtration technologies, such as ultrafiltration,
reverse osmosis, and advanced oxidation processes (AOPs), to enhance
nanoparticle removal; (3) Introducing regulatory standards defining
acceptable nanoparticle emission limits based on their ecotoxicological
profiles; (4) Encouraging industries involved in nanomaterial use or
production to adopt best practices, minimize waste, and explore envi-
ronmentally friendly production methods [72-74].

4. Conclusions
This study highlighted the potential ecotoxicity and genotoxicity of
wastewater-borne Al;O3NPs. In summary, several key observations

emerged from this work:

e Wastewater with Al;O3NPs, even after treatment, pose significant
ecotoxic and genotoxic risks to aquatic organisms such as D. magna.
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e The release of Al ions from Al;O3NPs during the wastewater treat-
ment contributed to the observed toxicity results.

e The sizes and number of NPs were variable during treatment,
impacting their bioavailability and ecotoxicological effects.

e The integrated approach of combining wastewater treatment pro-
cesses with NP characterization and biological impact assessments
provides greater insights into the environmental risks associated
with wastewater-borne nanoparticles.

Our studies are crucial for ensuring that wastewater treatment pro-
cesses are sufficiently effective in removing NPs, thereby protecting the
environment and human health. Additionally, they provide essential
data for risk assessment, environmental protection, and the develop-
ment of new purification technologies, which is critical in the context of
the increasing presence of NPs in the environment. To gain a clearer
understanding of the potential hazards of transformed NPs in the envi-
ronment, future studies should focus on using multiple test species
representing different environments and exposure routes. Determining
the long-term effects of NPs and the consequences of gene-level changes
detected in test organisms is necessary. Test planning should also
consider the type of wastewater and different wastewater treatment
systems. Our findings emphasize the need for effective monitoring and
management strategies to mitigate the environmental impacts of NPs in
wastewater.
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